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Abstract

Wastewater treatment is an energy‐intensive process and a net emitter of

greenhouse gas emissions. A large fraction of these emissions is due to intensive

aeration of aerobic bacteria to facilitate break‐down of organic compounds. Algae can

generate dissolved oxygen at levels in excess of saturation, and therefore hold the

potential to partially displace or complement mechanical aeration in wastewater

treatment processes. The objective of this study was to develop an internally

consistent experimental and modeling approach to test the hypothesis that algal

photosynthetic aeration can speed the removal of organic constituents by bacteria.

This framework was developed using a simplified wastewater treatment process

consisting of a model bacteria (Escherichia coli), a model algae (Auxenochlorella

protothecoides), and a single carbon source that was consumable by bacteria only. This

system was then tested both with and without the presence of algae. A MATLAB

model that considered mass transfer and biological kinetics was used to estimate the

production and consumption of O2 and CO2 by algae and bacteria. The results

indicated that the presence of algae led to 18–66% faster removal of COD by

bacteria, and that roughly one‐third of biochemical oxygen demand was offset by

algal photosynthetic aeration.
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1 | INTRODUCTION

Each year, wastewater treatment operations contribute 21.3 million

metric tons of greenhouse gas (GHG) emissions as CO2e (EPA, 2014).

A large fraction of these emissions are due to energy‐intensive
aeration to provide dissolved oxygen to heterotrophic microorgan-

isms which consume organic matter and convert it to biogenic CO2

(McCarty, Bae, & Kim, 2011). Additional dissolved oxygen is

consumed by nitrifying organisms. Algae have the potential to

dramatically reduce GHG emissions associated with wastewater

treatment systems (Molazadeh, Ahmadzadeh, Pourianfar, Lyon, &

Rampelotto, 2019). Through photosynthesis, algae can produce

dissolved oxygen (up to 400% of saturation) and reduce the need

for energy‐intensive aeration of aerobic treatment systems (Carval-

ho, Meireles, & Malcata, 2006; Green, Bernstone, Lundquist, &

Oswald, 1996). Moreover, algae can sequester biogenic CO2

produced by bacteria, producing a valuable biomass feedstock which

can be converted to biofuels (Salama et al., 2017), biofertilizers

(Mulbry, Westhead, Pizarro, & Sikora, 2005), or animal feed (Cole

et al., 2016), thereby displacing emissions from petroleum fuels or

crop production. In this manner, algal treatment systems have the

potential to make wastewater treatment a “carbon negative” process.

While the concept of using algae in wastewater treatment for

photosynthetic oxygenation and carbon sequestration is not new
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(Oswald, Gotaas, Ludwig, & Lynch, 1953), technical challenges have

hindered algal wastewater treatment to date. One of the principle

challenges is maintaining a stable algae population within the complex

microbial communities found in wastewater treatment plants. Over-

coming this challenge requires better understanding of how algae and

bacteria interact within wastewater treatment processes. Yang et al.

(2018) studied the treatment of synthetic wastewater using a

consortium of bacteria and algae and found that placing the reactor

in the light led to faster removal rates of COD and ammonium

compared to placement in the dark. However, they did not study the

detailed cause of this effect. We have also shown that several genera

of green algae can grow robustly on wastewater and that combining

algae with wastewater microbes can yield higher levels of treatment

than either organism type working alone (B. Higgins et al., 2018).

Synergistic effects in this case were largely associated with transfer of

cofactors between algae and heterotrophs.

Several studies have also been carried out on gas exchange

between algae and bacteria. Bai, Lant, and Pratt (2014) claimed that

bacterial re‐mineralization of algal photosynthate can increase algal

growth rates. However, their study did not directly measure bacterial

growth rates or oxygen and CO2 production by the cultures. Instead,

they estimated these biological rates through least‐squares fitting of

the River Water Quality Model (Reichert et al., 2001), which is an

extension of the well‐known Activated Sludge Model. Growth kinetic

constants and organic mineralization rates were drawn from the

literature. Zambrano, Krustok, Nehrenheim, and Carlsson (2016)

used a similar approach by fitting parameters from the literature to a

modified Activated Sludge Model. Their model was more complex

than the model developed by Bai et al. and they concluded that their

model could adequately predict the dissolved oxygen, ammonium,

and nitrate concentrations in the bioreactor based on experimental

measurement. Similarly, Kayombo, Mbwette, Mayo, Katima, and

Jorgensen (2000) modeled algal photosynthetic oxygen production in

a pond system and drew parameters from a wide range of literature.

This approach of obtaining parametric values from the literature

followed by model‐fitting for the unknown biological parameters

(without experimental validation of those parameters) runs signifi-

cant risk of model overfitting. Moreover, the literature parameters

were obtained from experiments on systems that were different from

those used in these modeling studies.

The objective of this study was to develop an internally

consistent experimental and modeling approach to test the hypoth-

esis that algal photosynthetic aeration can speed the removal of

organic constituents by bacteria. To avoid some of the pitfalls of

model overfitting, we developed models for physical‐chemical

processes (which are well‐understood), and relied on experimental

data for biological phenomena. The rationale for this approach is that

simple models of biological processes typically lack explanatory

power. In the present study, we utilized a simplified culture system to

experimentally track a wide range of chemical and biological

parameters. The long‐term goal is to use this framework to study

algal‐bacterial treatment of real wastewaters, including requirements

for mechanical aeration.

2 | METHODS

2.1 | Experimental design

Simulated wastewater and a coculture strategy were utilized to

determine the impacts of algal photosynthetic aeration on culture

growth and removal of organic material. The cocultures were

composed of a model heterotrophic bacteria, Escherichia coli (ATCC

25922), and a model green algae, Auxenochlorella protothecoides

(UTEX 2341; B. T. Higgins et al., 2015). The simulated wastewater

was composed of autoclaved N8‐NH4 medium (B. Higgins &

VanderGheynst, 2014) supplemented with succinate (sterile filtered)

as an organic carbon source. Succinate was chosen because it was

found to be utilizable by E. coli but not by A. protothecoides. In

preliminary studies, we found that addition of 1 g/L succinate to

illuminated and aerated A. protothecoides cultures did not promote

growth nor was there any change in the succinate concentration at

the beginning and end of the culture period (data not shown). Thus,

use of succinate in the coculture system placed algae in a supporting

role in which bacteria carried out organic removal. The experimental

controls consisted of pure E. coli cultures grown on medium

supplemented with succinate and pure A. protothecoides cultures

grown under autotrophic conditions with 2% CO2 supplementation.

Subsequently, E. coli and A. protothecoides were cultured together on

succinate to understand interactive effects. This experiment was

conducted with succinate concentrations of 2 and 5 g/L.

2.2 | Culture conditions

All experiments were carried out in an autoclaved 1 L photobior-

eactor (filled to 1 L). A high‐phosphate (30mM) version of N8‐NH4

medium was used in all studies to provide buffering capacity to help

counteract the increase in pH that results from succinate metabo-

lism. Thiamine was also added at a 1mM concentration given that A.

protothecoides is a thiamine auxotroph (B. T. Higgins et al., 2016).

Light was supplied on a 14:10 day/night cycle using a bank of T5

fluorescent lamps (10 klux) providing horizontal illumination to the

reactor as described previously (Q. Wang, Peng, & Higgins, 2019).

The reactor was mixed by magnetic stir bar (38mm) at ~200 rpm.

Sterile filtered (0.2 μm) air (no CO2 supplementation except in the

case of autotrophic A. protothecoides monocultures) was supplied at a

rate of 400ml/min (0.4 vvm). Samples were collected for analysis by

drawing liquid out of a sampling port using a sterile syringe.

2.3 | Real‐time collection of reactor condition data

Real‐time monitoring of dissolved oxygen (DO), dissolved carbon

dioxide (dCO2), pH, and temperature was carried out using a Mettler

Toledo InPro system. Specifically, the InPro 6850i probe was used to

measure DO, the InPro 5000i probe was used for dCO2, and the

InPro 3250i probe was used for pH. These probes both measure

reactor temperature and automatically adjust the dissolved gas

measurement as a percent of saturation. All probes were connected
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to a Mettler Toledo M800 data acquisition system with data

downloaded onto Lascar 4–20mA USB data loggers.

2.4 | Determination of culture growth by optical
density (OD) and quantitative polymerase chain
reaction (qPCR)

Throughout all experiments, OD was measured at 550 nm for each

sample. At the end of the batch culture, a portion of the culture was

harvested by centrifugation, washed, and freeze‐dried to determine

the final dry‐weight concentration as described previously (B. Higgins

& VanderGheynst, 2014). Unique correlations between OD measure-

ment and dry weight were established for each experiment and used

to generate dry‐weight growth curves. For coculture experiments,

the dry‐weight concentrations represented both E. coli and A.

protothecoides. To determine the fraction of biomass that was E. coli

in mixed cultures, qPCR of the 16S rRNA gene was used as described

previously (B. Higgins & VanderGheynst, 2014). Briefly, DNA was

extracted from coculture biomass (FastDNA Spin Kit) as well as from

known amounts of pure E. coli culture. The primers used were specific

to E. coli and therefore excluded 16S rRNA from algal chloroplasts.

Correlations between abundance of E. coli 16S rRNA and E. coli dry

weight were used to determine the E. coli content of coculture

biomass. The concentration of A. protothecoides in cocultures was

determined by subtraction.

2.5 | High‐pressure liquid chromatography (HPLC)

Quantitative organic acid analyses were carried out using HPLC as

described previously (B. T. Higgins et al., 2016). Samples were

analyzed with an Aminex HPX‐87 column with PDA detection at

210 nm. Standards of succinate, acetate, and fumarate were used for

quantitation.

3 | MODELING FRAMEWORK

A schematic of the modeling framework is shown in Figure 1.

Equations (1–15) were implemented as a set of scripts in MATLAB

(available upon request). This framework was based on well‐
established models for mass transfer and chemical kinetics (Gao,

Kong, & Vigil, 2015; Oeggerli, Eyer, & Heinzle, 1995; Smith, Davison,

& Payne, 1990). The purpose of this modeling framework was to

calculate net production of dissolved oxygen and carbon dioxide by

cultures in an aerated reactor. This allows for comparison of gas

production by bacteria monocultures versus cocultures of bacteria

and algae.

3.1 | Determination of the lumped mass transfer
coefficient

The lumped mass transfer coefficient (kLa) was determined to

parametrize the model for aerated cultures. Work by others

suggested that probe lag can affect determination of kLa (Grima,

Pérez, Garc Camacho, & Medina, 2015; Smith et al., 1990).

Consequently, the probe lag was determined in response to step

functions of oxygen and carbon dioxide. From these step experi-

ments, the probe response factor, τ, was calculated by fitting

Equation (1) using MATLAB’s built‐in nonlinear fit function:

τ
= ( − )

dR
dt

C R
1

, (1)

where R is the probe reading at a given time t and C is the actual

concentration of the gas of interest at time t.

Subsequently, kLa was determined using the gassing‐out method

(Talbot, Gortares, Lencki, & de la Noüe, 1991) for both O2 and CO2. The

reactor was set at a constant mixing and aeration rate over the course

of all studies, leading to a reproducible kLa value over the course of

several months. In the case of oxygen, kLaO was determined by fitting

the experimental data to Equation (2) using MATLAB’s nlinfit function

and the ODE15 differential equation numerical solver:

= ( − )⁎dC
dt

k a C C ,O
L O O O (2)

where *CO is the saturation concentration of oxygen in solution (g/L)

and is correlated to the gas phase oxygen concentration by Henry’s

Law, and CO is the measured dissolved oxygen at any given time (g/L).

In the case of CO2, determination of kLaC was more complex due

to the carbonate side reactions which vary in accordance with buffer

pH. In this case Equation (3) was used to determine kLaC:

=
+ +

( − )⁎dC
dt

k a
C C

1
,

K
H

K K K

H

C L C
C C

1 2 w 1
2

(3)

where *CC is the saturation concentration of CO2 in solution (M), CC is

the measured dissolved CO2 (M), K1 is the equilibrium constant for

the hydration and dissociation of dissolved CO2 (M), K2 is the

equilibrium constant for the deprotonation of bicarbonate (M−1), H is

the hydrogen ion concentration (M), and KW is the dissociation

F IGURE 1 Scheme representing gas mass transfer (MT) and
kinetic interactions amongst aeration bubble, algae, and bacteria.
The dashed line around the bubble indicates the convective mass

transfer boundary layer on the liquid side. [Color figure can
beviewed at wileyonlinelibrary.com]
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constant for water (M2). Table 1 shows the values used for

equilibrium and rate constants for the carbonate system. Equation

(3) assumes that the carbonate reactions proceed at a much faster

rate than mass transfer, resulting in continuous equilibrium. This

assumption was also made by Smith et al. (1990). In contrast,

Spérandio and Paul (1997) and Talbot et al. (1991) did not assume

equilibrium of the carbonate reactions in their mass transfer models.

We therefore also determined kLaC without the assumption of

equilibrium to determine if this assumption was reasonable by

utilizing Equations (4)–(6) and (9)–(10)

= ( − ) − −⁎dC
dt

k a C C r r ,C
L C C C 1 2 (4)

where r1 and r2 are the rate of conversion of dissolved carbon

dioxide, CC, into bicarbonate:

= [ ] − [ ][ ]−
− +r k kCO HCO H ,1 1 2 1 3 (5)

= [ ][ ] − [ ]−
−

−r k kCO OH HCO .2 2 2 2 3 (6)

At equilibrium, Equations (5) and (6) reduce to Equations (7) and

(8):

[ ][ ]

[ ]
= =

+ −

−

k
k

K
H HCO

CO
,3

2

1

1
1 (7)

[ ]

[ ][ ]
= =

−

−
−

k
k

K
HCO

CO OH
.3

2

2

2
2 (8)

Changes in the bicarbonate pool size are described by

Equation (9)

= + −
dC
dt

r r r ,b
1 2 3 (9)

where Cb is the concentration of bicarbonate (M) and r3 is the

rate of bicarbonate conversion to carbonate:

= [ ][ ] − ⎡⎣ ⎤⎦
− −

−
−r k kHCO OH CO .3 3 3 3 3

2 (10)

At equilibrium, Equation (10) reduces to Equation (11):

[ ]

[ ][ ]
= =

−

− −
−

k
k

K
CO

HCO OH
.3

2

3

3

3
3 (11)

3.2 | Modeling of gas production in bacterial
cultures

Equation (12) is a mass balance on DO where changes in DO are

equal to net mass transfer into the culture minus bacterial

consumption of oxygen (Smith et al., 1990).

= ( − ) +⁎
,

dC
dt

k a C C X Q ,O
L O O O b O b (12)

where Xb is bacterial cell density (g/L) and QO,b is specific oxygen

production by bacteria (g · g−1· s−1). QO,b is a function of the

environmental conditions and cell growth stage and the value is

typically negative for heterotrophs because they consume oxygen.

The carbon dioxide balance is similar to the oxygen balance but

also includes deprotonation reactions, r1 and r2, in the aqueous

phase. The last term represents carbon dioxide production by

bacteria. For carbon dioxide, all concentrations are expressed on a

molar basis:

= ( − ) − − +⁎
,

dC
dt

k a C C r r X Q ,C
L C C C 1 2 b C b (13)

where QC,b is specific carbon dioxide production by bacteria

(mol · g−1· s−1).

3.3 | Modeling of gas production in cocultures

The equations for bacteria and algae can be combined into a single

equation for the coculture.

= ( − ) + +⁎
, ,

dC
dt

k a C C Q X Q X ,O
L O O O O a a O b b (14)

where Xa is total algae concentration (g/L), QO,a is the specific oxygen

production rate associated with algal metabolism (g · g−1· s−1), and is a

function of culture stage and the light/dark cycle. Because algae and

bacteria interact, the bacteria oxygen generation term, QO,b, may

change from the value obtained in monocultures. Consequently,

QO,aXa and QO,bXb were lumped into a single term in the MATLAB

script to express net culture oxygen production. The coculture

carbon dioxide balance is given in Equation (15):

= ( − ) − − + +⁎dC
dt

k a C C r r Q X Q XC
L C C C C a a C b b1 2 , , (15)

where QC,a is the specific net carbon dioxide production rate

associated with algal growth and respiration (mol·g−1·s−1). Here

too, QC,aXa and QC,bXb were lumped into a single term to express net

culture carbon dioxide production.

TABLE 1 Equilibrium and rate constants for carbonate reactions

Constant
(units) Value

K1 (M) 4.45 × 10−7

K2 (M−1) 4.45 × 107

K3 (M−1) 4.69 × 10–-
11

Kw (M2) 1.00 × 0–14

k1 (s−1) 0.016

k2 (M/s) 5000

k−1 (M/s) k1/K1

k−2 (s−1) k2/K2

Note: All values were obtained from Smith et al. (1990).
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3.4 | Cellular metabolism of succinate

For simplicity, the model assumes three metabolic paths for the

consumption of succinate: (a) aerobic metabolism to carbon dioxide

(Equation (16)), (b) anaerobic metabolism to acetate followed by

oxidation of acetate to carbon dioxide (Equations (17) and (18)), and

(c) utilization for cell growth (Equation (19)). The stoichiometry for

full oxidation of succinate and acetate via the tricarboxylic acid (TCA)

cycle is already well‐established (Garrett & Grisham, 2012). Conver-

sion of succinate to acetate involves a circuitous route involving

conversion of succinate to oxaloacetate via the TCA cycle followed

by conversion to phosphoenopyruvate (PEP) via glucoenogensis. PEP

is then converted to pyruvate, then to acetyl‐CoA, acetyl‐phosphate,
and then to acetate (Hua, Joyce, Palsson, & Fong, 2007; Kumari et al.,

2000). The net outcome of this pathway is shown in Equation (17):

+ → +C H O 3.5O 4CO 3H O,4 6 4 2 2 2 (16)

+ + + + +

→ + + + + +

+

+

C H O H O FAD 2NAD ADP P

C H O 2CO FADH 2NADH H ATP,

4 4 4 2 i

2 3 2 2 2 (17)

+ → +C H O 1.75O 2CO 1.5H O.2 3 2 2 2 2 (18)

Utilization of succinate for E. coli cell growth is given by

Equation (19):

+ − + → ++C H O 0.25O NH C H O N 1.5H O.4 6 4 2 4 4 7 2 2 (19)

The empirical formula for E. coli was based on data from Folsom

and Carlson (2015) under carbon‐limited growth.

4 | RESULTS AND DISCUSSION

4.1 | Mass transfer coefficients

Our results indicated that the probe response factor (Figure S1) had

a negligible impact on determination of the lumped mass transfer

coefficient kLa (Figure S2). This contrasted with past studies that

found a significant first‐order probe response (Grima et al., 2015;

Smith et al., 1990) but the difference is likely due to the age of those

studies. Current probe technology has a fast probe response (τ = 33

and 72 s, for O2 and CO2, respectively) in comparison to the rate of

mass transfer and we consequently ignored this factor for the

remainder of the study.

The lumped mass transfer coefficient was determined for oxygen and

carbon dioxide in three different pH buffers prepared at 25mM and for

the synthetic wastewater (Table 2). These results indicated that the

buffer type and pH had limited impact on the kLa values for both oxygen

and CO2. Our kLa values for oxygen (1.3–1.7 ×10−3 s−1) fell within the

range of those observed in activated sludge tanks operated under

different aeration intensities (0.9–2.4 ×10−3 s−1) as measured by Fayolle,

Cockx, Gillot, Roustan, and Héduit (2007). These values were also

significantly higher than the kLa value (2.8 × 10−4 s−1) observed in the

reactor used by Bai et al. (2014). Based on diffusivity values for DO and

dCO2, the theoretical kLa value of CO2 should be 0.91 times that of

oxygen (Grima et al., 2015). The fold differences obtained in this study

ranged from 0.82 to 1.0 depending on buffer with an average value of

0.90. Likewise, the assumption of rapid equilibrium for the carbonate

reactions appeared to be reasonable, consistent with the findings of

Smith et al. (1990). Consequently, rapid equilibrium was assumed for

carbonate reactions in the process models.

TABLE 2 Lumped mass transfer coefficient under different pH

Oxygen

Carbon dioxide

pH and buffer

No equilibrium

assumption

Rapid equilibrium

assumption

pH 3, citrate 0.0013 0.0012 0.0012

pH 5, acetate 0.0017 0.0015 0.0014

pH 7, phosphate 0.0015 0.0015 0.0013

Synthetic

wastewater

0.0014 0.0012

Note: All units are in s−1.

(a)

(b)

F IGURE 2 Biomass growth in monoculture (Escherichia coli only)
and coculture for E. coli and Auxenochlorella protothecoides. Two
separate experiments are shown with 2 g/L provided succinate
(a) and 5 g/L provided succinate (b) [Color figure can beviewed at

wileyonlinelibrary.com]
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4.2 | Organism growth

In the exponential growth stage, E. coli appeared to receive a slight

boost in growth when A. protothecoides was present (Figure 2). During

the stationary phase, it appeared that E. coli growth was suppressed

in cocultures compared to E. coli monocultures. However, this effect

was due in part to the assay procedures used to measure E. coli

concentration. Because qPCR was used to quantify the E. coli

subpopulation in cocultures, only intact cells (either alive or dead)

were likely counted. In contrast, the E. coli monocultures were

measured by optical density (and dry weight) which included cell

debris in addition to intact cells. Although it is expected that most

cells are intact during the exponential growth stage, cell debris are

likely to accumulate in late growth stages as cells undergo lysis. Thus

differences in E. coli concentrations between monocultures and

cocultures are less meaningful in the stationary and death phases.

Algal growth was faster and reached a higher biomass density in

cocultures with 5 g/L succinate compared to cocultures fed with 2 g/L

succinate. Although the algae did not use the succinate directly, they

can utilize the CO2 produced by E. coli to fuel photosynthesis. It is

well‐established that addition of CO2 increases the growth of algae in

general (Raeesossadati, Ahmadzadeh, McHenry, & Moheimani, 2014)

and A. protothecoides in particular (B. Higgins, Labavitch, & Vander-

Gheynst, 2015).

4.3 | Removal of organic acids in cultures

Organic acids were measured by HPLC with succinic, acetic, and fumaric

acids present in detectable quantities. These acids were converted into

a composite COD level by calculating the quantity of oxygen needed to

fully oxidize each acid to CO2 and water. Not surprisingly, the vast

majority of COD was due to succinate in the reactor. The results show

that cocultures generally led to faster COD removal than E. coli

monocultures (Figure 3). With a 2 g/L succinate loading, cocultures

required about 18% less time to remove half of the COD from the

wastewater. However, at 5 g/L succinate, cocultures required 66% less

time to remove two thirds of the COD compared to the E. coli

monoculture. This was driven largely by more rapid consumption of

succinate (Figure S3). A. protothecoides cannot take up succinate so this

result indicates a synergistic relationship in which algae assisted

succinate metabolism by E. coli. Fumarate was also observed briefly

and at low concentrations in the media (<35mg/L). Succinate is

converted to fumarate by succinate dehydrogenase within the

tricarboxylic acid (TCA) cycle (Tretter, Patocs, & Chinopoulos, 2016)

and this spike was likely the result of the sudden influx of succinate into

the E. coli TCA cycle during exponential growth.

E. coli monocultures also experienced higher concentrations of

acetic acid in the simulated wastewater. Acetic acid is a common bi‐
product of anaerobic metabolism in E. coli (Unden & Bongaerts,

(a) (b)

(c) (d)

F IGURE 3 Chemical oxygen demand (COD) and acetate concentrations in monoculture (Escherichia coli only) and coculture experiments.
COD is largely a function of the amount of succinate in the reactor. One experiment was provided 2 g/L succinate (a, c) and the other was

provided 5 g/L succinate (b, d) [Color figure can beviewed at wileyonlinelibrary.com]
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1997), indicating that cells experienced anaerobic conditions despite

continuous aeration at 0.4 vvm. In E. coli cultures supplied with 5 g/L

succinate, acetic acid levels peaked around hour 60 at 0.87 g/L. Once

cell growth decelerated, E. coli reabsorbed and utilized acetate, a

well‐established phenomenon that is described in detail by Kumari

et al. (2000). No acetic acid was observed in cocultures supplied with

5 g/L succinate and trace acetic acid (0.05 g/L) was observed in

cocultures supplied with 2 g/L succinate. The lack of acetic acid in

cocultures can be explained by two mechanisms: a) the presence of

algae creates a more aerobic condition leading to less production of

acetate by E. coli and b) algae consume acetate generated by E. coli.

Many algae, including A. protothecoides (B. Higgins & VanderGheynst,

2014) are known to consume acetate through mixotrophic or

heterotrophic metabolism. Consequently, it is difficult to determine

the exact reason for reduced acetate levels in cocultures, although it

is likely that both mechanisms play a role. Consumption of acetate is

known to increase the growth rate of A. protothecoides, providing

another potential explanation for increased algal growth on cultures

supplied with 5 g/L succinate versus 2 g/L succinate.

4.4 | Oxygen production and consumption in
cultures

To better understand the extent of photosynthetic aeration and its

impact on the cultures, we measured DO continuously in the bioreactor

(Figure S4). The raw DO data was used to estimate the rate of net cellular

F IGURE 4 Net dissolved oxygen
production (positive values) or
consumption (negative values) by cells in

the two batch reactor experiments
provided with 2 g/L succinate (a) and 5 g/L
succinate (b). Light is designated by the

blue line and was provided on a 14:10
on/off cycle [Color figure can beviewed at
wileyonlinelibrary.com]

(a)

(b)
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DO production over time (Figure 4). In both E. coli monocultures and

cocultures with algae, the DO production rate quickly became large and

negative, indicating net cellular consumption. Moreover, the rate

returned to a baseline level at approximately the same time as the

COD value reached zero. This return to baseline occurred about 16% and

25% faster in cocultures than in E. coli monocultures fed with 2 g/L

succinate and 5 g/L succinate, respectively. In light of this data, as well as

observed secretion of acetate, it is clear that E. coli suffered from oxygen

limitation during exponential growth.

Guidelines for the design of typical activated sludge tanks yield

aeration rates of 0.2–0.3 vvm based on a residence time of 2 hr

(DEQ, 2017), a biochemical oxygen demand (BOD) level of 300 mg/

L, and an aeration rate of 93–130 L of air per gram of BOD (DWPC,

1989). These guidelines are aimed at achieving 2–3 mg/L of DO in

the aeration basin (DEQ, 2017). The reactor in this study was

aerated at 0.4 vvm and had a mass transfer coefficient that aligns

with typical activated sludge processes (Fayolle et al., 2007). Given

that the DO levels in all cultures dropped to almost 0 mg/L, it

suggests that succinate is easier to oxidize than BOD typically

found in municipal wastewater. Culture of A. protothecoides alone,

supplemented with 2% vol/vol CO2 in air, yielded net DO

production in the light and net consumption in the dark (Figure

S5). Even in the light, DO production varied over the culture stages

with a peak of ~21 mg/L/hr around 72 hr. In contrast specific

oxygen production (per gram of dry algal biomass) peaked around

22 hr at ~175 mg/g algae/hr. Cocultures had a peak net DO

production rate of only 10 mg/L, suggesting internal cycling of DO

within the culture. Collectively, these data suggest that provision

of oxygen from algal photosynthesis resulted in faster E. coli

growth and consumption of succinate. This explanation is

supported by classical substrate‐limited growth theory which

holds that increasing the amount of the limited substrate directly

increases cell growth and metabolism (Monod, 1949).

Other explanations may also exist with regard to algal promotion

of E. coli growth. For example, Palacios, Gomez‐Anduro, Bashan, and
de‐Bashan (2016) found that Chlorella could provide tryptophan and

thiamine to the bacteria Azospirillum brasilense in cocultures. As E. coli

are known to synthesize these molecules de‐novo (B. T. Higgins et al.,

2016; Liu, Duan, & Wu, 2016), this particular molecular exchange

does not explain growth promotion in this case. However, there could

be exchange of other unknown organic molecules (photosynthate)

that impact E. coli growth and organic removal.

When E. coli monocultures entered stationary phase, their oxygen

consumption plateaued around zero. In contrast, axenic algae cultures

and cocultures experienced significant oscillation across the day–night

cycle: producing oxygen in the light and consuming it in the dark. The

pattern of this production, characterized by a peak after the light

switched on, is similar to that predicted by Straka and Rittmann (2019)

based on models of photo‐acclimation and photo‐inhibition. This natural
variation suggests that wastewater cultures still need aeration but that

oxygen produced during the day can be helpful at facilitating bacterial

degradation of organics. Moreover, low dissolved oxygen levels at night

can facilitate anaerobic nutrient removal processes such as

denitrification, denitritation, and biological phosphorus removal (Bunce,

Ndam, Ofiteru, Moore, & Graham, 2018; M. Wang, Yang, Ergas, & van

der Steen, 2015; Winkler & Straka, 2019; Yang et al., 2018) which

require periods of low DO.

Utilization of succinate as the sole carbon source allowed for a more

detailed accounting of BOD than is feasible with real wastewater.

Succinate is fully biodegradable and consequently 1 g/L of succinate

corresponds to 0.95 g/L of BOD. Table 3 compares the actual initial BOD

levels to the “apparent” BOD of the cultures. The apparent BOD was

determined by integrating total net oxygen consumption over the culture

period. The apparent consumption is lower than the actual BOD in all

cases and is largely explained by the fact that E. coli partially utilize

succinate to produce new biomass in addition to oxidizing it to CO2.

Producing a gram of E. coli biomass consumes 1.17 g of succinate and

releases 0.08 g of oxygen in the process (per Equation (19)). The energy

to fuel this growth is largely derived from oxidative metabolism of

succinate which results in net oxygen consumption (Equations (16–18)).

In cultures with E. coli only, the sum of apparent BOD and BOD

consumption due to growth still fell short of the actual BOD by about

0.3 g/L (Table 3). This imperfect BOD balance can be attributed to

experimental error as well as volatilization of intermediate products such

as acetic acid. In cocultures, the apparent BOD (when adjusted for

succinate consumption through E. coli growth) was approximately 33%

lower than in E. coli monocultures. A lower apparent BOD is expected in

cocultures and is attributable to photosynthetic aeration. In other words,

dissolved oxygen generated by algae lowered the apparent demand for

oxygen by roughly one‐third.

4.5 | Carbon dioxide production and consumption
in cultures

In E. coli monocultures, the net carbon dioxide production rate was

high (50–60mg/L/hr) during the exponential growth stage (Figure 5).

This also corresponded to the period when succinate was consumed.

Thereafter, CO2 production rates stabilized near zero, mirroring the

TABLE 3 Oxygen demand in Escherichia coli monocultures versus
cocultures

2 g/L succinate 5 g/L succinate

E. coli

only

Cocul-

ture

E. coli

only

Cocul-

ture

Actual initial BOD (g/L) 1.90 1.90 4.75 4.75

Apparenta BOD (g/L) 0.90 0.39 2.99 2.25

Maxb E. coli concentration (g/L) 0.61 0.59 1.18 0.62

BOD removal through growth

of E. coli biomass (g/L)

0.73 0.70 1.41 0.74

Sum of apparent BOD and

BOD removal through

biomass growth (g/L)

1.62 1.09 4.40 2.99

aApparent BOD was calculated by integrating total cellular oxygen

consumption over the culture period.
bMax E. coli concentration was the peak cell density observed during the

culture period.
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oxygen consumption data. In contrast, adding algae to the culture led

to larger swings in the CO2 production rate: the rate decreased in the

light but increased in the dark as expected. In the dark, there was

also a clear compounding effect when both E. coli and A.

protothecoides were generating CO2 during the exponential growth

phase. The fact that the coculture CO2 production rate went negative

at several points also indicates that algae were taking up measurable

quantities of CO2. Much of the CO2 produced by E. coli was actually

stored in the medium as bicarbonate (Figure S6) which was later used

by algae when light was available. This is because succinate is taken

up by E. coli in the acid form, thereby increasing pH over time in

proportion to succinate removal. Final pH values were in the range of

8.8–9.2, which are not uncommon in outdoor pond cultivation of

algae (Sheehan, Dunahay, Benemann, & Roessler, 1998). It was also

apparent that CO2 production by E. coli occurred over a longer time

span when 5 g/L succinate was provided versus 2 g/L succinate. This

sustained production could at least partially explain (along with the

aforementioned acetate availability) why algae grew more rapidly in

cocultures supplied with 5 g/L succinate versus 2 g/L succinate.

5 | CONCLUSIONS

The results presented here demonstrate significant potential for algae

to enhance bacterial degradation of organic compounds. All cultures

showed evidence of oxygen limitation, but E. coli monocultures

accumulated acetic acid which is an anaerobic bi‐product of metabolism.

Minimal or no acetate was observed in cocultures with algae.

F IGURE 5 Net dissolved carbon

dioxide production (positive values) or
consumption (negative values) by cells in
the two batch reactor experiments

provided with 2 g/L succinate (a) and 5 g/L
succinate (b). Light is designated by the
blue line and was provided on a 14:10 on/

off cycle [Color figure can beviewed at
wileyonlinelibrary.com]

(a)

(b)
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Cocultures also led to COD removal that was up to 66% faster than E.

coli monocultures. Much of this effect can be attributed to photosyn-

thetic aeration, which offset roughly one‐third of the BOD, although

other mechanisms of symbiosis may also contribute. Collectively, these

findings suggest that incorporation of algae into wastewater treatment

can offset or complement energy‐intensive aeration. This study also

demonstrated an experimental and modeling framework for quantifying

bacterial and algal contributions to oxygen and carbon dioxide

production and consumption. This framework will be used in

subsequent studies of algal treatment of real wastewaters.
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